Abstract Comparative functional ecology seeks to understand why and how ecological systems and their components operate differently across environments. Although traditionally used in (semi)-natural situations, its concepts and methods could certainly apply to address key issues in the large variety of agricultural systems encountered across the world. In this review, we present major advances in comparative plant functional ecology that were made possible over the last two decades by the rapid development of a trait-based approach to plant functioning and prospects to apply it in agricultural situations. The strength of this approach is that it enables us to assess the interactions between organisms and their environment simultaneously on a large number of species, a prerequisite to address questions relative to species distribution, community assembly and ecosystem functioning. The trait concept will be first defined, before presenting a conceptual framework to understand the effects of environmental factors on plant community structure and ecosystem properties via plant traits. We will then argue that leading dimensions of variation among species can be captured by some selected traits and show that a combination of three easily measured traits-specific leaf area (the ratio of leaf area to leaf dry mass), plant height and seed mass-enables us to assess how different species use their resources, interact with neighbours and disperse in time and space. The use of traits to address central questions in community ecology will be reviewed next. It will be shown that traits allow us to (1) understand how plant species are sorted according to the nature of environmental gradients, (2) evaluate the relative importance of habitat filtering and limiting similarity in the process of community assembly and (3) quantify two main components of community functional structure, namely, community-weighted means of traits and community functional divergence. The relative impacts of these two components on ecosystem properties will then be discussed in the case of several components of primary productivity, litter decomposition, soil water content and carbon sequestration. There is strong support for the biomass ratio hypothesis, which states that the extent to which the traits of a species affect those ecosystem properties depends on the abundance of this species in the community. Assessing the role of functional divergence among species on ecosystem properties will require major methodological breakthroughs, both in terms of metrics and statistical procedures to be used. In agricultural situations, we show that trait-based approaches have been successfully developed to assess the impacts of management practices on (1) the agronomic value of grasslands and (2) the functional composition and structure of crop weed communities and how these could affect the functioning of the crop. Applications in forestry are still poorly developed, especially in temperate regions where the number of species in managed forest remains relatively low. The last decades of research have led to the constitution of large data sets of plant traits, which remain poorly compatible and accessible. Recent advances in the field of ecoinformatics suggest that major progress could be achieved in this area by using improved metadata standards and advancing trait domain ontologies. Finally, concluding unanswered questions and directions for research using the functional approach to biodiversity made possible by the use of traits will be discussed in the contexts of ecological and agronomical systems. The latter indeed cover a wide range of environmental conditions and biological diversity, and the prospect for reducing environmental impacts in highly productive, lowdiversity systems will certainly imply improving our skills for the management of more diverse systems prone to a trait-based approach as reviewed here.
Abstract Comparative functional ecology seeks to understand why and how ecological systems and their components operate differently across environments. Although traditionally used in (semi)-natural situations, its concepts and methods could certainly apply to address key issues in the large variety of agricultural systems encountered across the world. In this review, we present major advances in comparative plant functional ecology that were made possible over the last two decades by the rapid development of a trait-based approach to plant functioning and prospects to apply it in agricultural situations. The strength of this approach is that it enables us to assess the interactions between organisms and their environment simultaneously on a large number of species, a prerequisite to address questions relative to species distribution, community assembly and ecosystem functioning. The trait concept will be first defined, before presenting a conceptual framework to understand the effects of environmental factors on plant community structure and ecosystem properties via plant traits. We will then argue that leading dimensions of variation among species can be captured by some selected traits and show that a combination of three easily measured traits-specific leaf area (the ratio of leaf area to leaf dry mass), plant height and seed mass-enables us to assess how different species use their resources, interact with neighbours and disperse in time and space. The use of traits to address central questions in community ecology will be reviewed next. It will be shown that traits allow us to (1) understand how plant species are sorted according to the nature of environmental gradients, (2) evaluate the relative importance of habitat filtering and limiting similarity in the process of community assembly and (3) quantify two main components of community functional structure, namely, community-weighted means of traits and community functional divergence. The relative impacts of these two components on ecosystem properties will then be discussed in the case of several components of primary productivity, litter decomposition, soil water content and carbon sequestration. There is strong support for the biomass ratio hypothesis, which states that the extent to which the traits of a species affect those ecosystem properties depends on the abundance of this species in the community. Assessing the role of functional divergence among species on ecosystem properties will require major methodological breakthroughs, both in terms of metrics and statistical procedures to be used. In agricultural situations, we show that trait-based approaches have been successfully developed to assess the impacts of management practices on (1) the agronomic value of grasslands and (2) the functional composition and structure of crop weed communities and how these could affect the functioning of the crop. Applications in forestry are still poorly developed, especially in temperate regions where the number of species in managed forest remains relatively low. The last decades of research have led to the constitution of large data sets of plant traits, which remain poorly compatible and accessible. Recent advances in the field of ecoinformatics suggest that major progress could be achieved in this area by using improved metadata standards and advancing trait domain ontologies. Finally, concluding remarks, 1 Introduction: a trait-based approach to comparative functional ecology A prominent field of research in functional ecology seeks to understand why and how ecological systems and their components operate differently across environments (e.g. Calow 1987; Duarte et al. 1995; Westoby 1999; Pugnaire and Valladares 2007) . The comparative approach is thus consubstantial to this field of ecology (e.g. Bradshaw 1987; Keddy 1992b; Westoby 1999 ). If we are to understand questions such as why and how are functions coordinated within organisms?, why and how do different species perform differently along ecological gradients?, why and how do species interact within a community? and why and how do species affect the functioning of ecosystems?, comparing species is an absolute necessity. Keddy (1992b) and Westoby (1999) also argue that, for at least two reasons, such comparisons should be conducted on a large number of species. First, in the struggle to find broad generalisations, we have to make sure that the patterns observed are not simple peculiarities of the species examined. Second, the tests of relationships between species and environment and/or ecosystem functioning need to be statistically powerful and robust. As stressed by Keddy (1992b) , this approach is literally orthogonal to that followed in population ecology where many aspects pertaining to population dynamics are assessed in relatively few species. There is also no reason why the comparative approach could not apply to the large variety of agricultural systems encountered across the world (e.g. Swift and Anderson 1993; Malézieux et al. 2009 ). These systems indeed cover a wide range of environmental conditions and biological diversity, and the prospect for reducing environmental impacts in highly productive, lowdiversity systems (Giller et al. 1997; Wezel et al. 2009; Griffon 2010 ) will certainly imply improving our skills for the management of more diverse systems.
There is a growing consensus that a trait-based approach has a strong potential to address several of the issues introduced above. A non-exhaustive list includes (1) the functioning of organisms and how it relates to the environment (e.g. Grime 1979; Grime et al. 1997; Westoby et al. 2002) , (2) the understanding of unsolved questions in community ecology such as the identification of rules governing the assembly of communities (McGill et al. 2006; Suding et al. 2008; Shipley 2010) and (3) the understanding of how the functioning of organisms scales up to that of ecosystems (Reich et al. 1992; Lavorel and Garnier 2002) and controls some of the services they deliver to humans Díaz et al. 2007b ), including those delivered by agriculture. As measurable properties of individuals related to their functioning and modulating their fitness (McGill et al. 2006; Violle et al. 2007b) (Fig. 1 and see Section 2), traits enable us to capture the interactions between organisms and their environment (both abiotic and biotic) and bring a functional perspective to the study of controls on biodiversity and how it affects processes at higher levels of organisation.
The aim of this review is to present the rationale for the traitbased approach and how it can be used to address some pending questions in functional ecology. It will be restricted to the case of terrestrial plants, to which a large amount of research has been devoted in the last 20 years ). We will first discuss what a trait is, before showing which are some of the most relevant traits widely utilised to characterise plant functioning. We will then present recent developments in community and ecosystem ecology based on the use of traits. This will be largely, but not exclusively, based on the response-effect framework proposed by Lavorel and Garnier (2002) and further refined by Suding et al. (2008) . Response traits are those which show a consistent response to a particular environmental factor, while effect traits are those which have a similar effect on one or several ecosystem functions (Lavorel and Garnier 2002 and references therein). We will then present examples of various traitbased approaches in the context of agronomic and forestry applications in selected temperate systems. The wealth of research devoted to plant traits has generated large amounts of data, leading to the imperious need of devising systems allowing potential users to access and value these data. Some key steps that will make this possible in the near future will then be presented, before concluding remarks will be proposed to close this review.
Definitions and a framework

What is a trait?
A thorough analysis of the literature reveals that the term 'trait' has been used in somewhat different meanings in the field of ecology and population biology (Violle et al. 2007b ). Here, we will stick to the idea that it should be measured at the level of an individual organism (McGill et al. 2006; Lavorel et al. 2007) , with the following definition: 'any morphological, physiological or phenological feature measurable at the individual level, from the cell to the whole-organism level, without reference to the environment or any other level of organization' (Violle et al. 2007b ). This definition implies that no information external to the individual (environmental factors) or at any other level of organisation (population, community or ecosystem) is required to define a trait. Figure 1 shows examples of traits, which may be actual functions related to, e.g. reproduction (fecundity, dispersal, etc.) or vegetative growth (light interception, nutrient uptake, etc.), or traits related to these functions but which are more easily measured ('functional markers' sensu Garnier et al. 2004 ).
As discussed by Violle et al. (2007b) , the definition given above requires further precisions: (1) the particular value or modality taken by the trait at any place and time is called an 'attribute' ); (2) within a species, the trait, either continuous or categorical, may show different attributes along environmental gradients or through time (seasonal and ontogenic variation); (3) the attribute for a trait is usually assessed for one population (average of attributes of a set of individuals) in space and time. The latter assertion has two consequences: first, there is not a single-trait attribute for any particular species, and assessing intra-vs. inter-specific variability of traits is clearly of interest in this context (Garnier et al. 2001a; Cornelissen et al. 2003a; Roche et al. 2004; Albert et al. 2010) ; second, information on the local environment where the trait has been measured is essential to interpret the ecological/ evolutionary meaning of trait attributes (McGill et al. 2006; Bartholomeus et al. 2008) , even if this information is not compulsory to define a trait.
Applying Arnold's (1983) 'morphology, performance, fitness' paradigm to plants, Violle et al. (2007b) further discussed the value of introducing a hierarchical perspective on plant traits. They suggested that the three components of plant fitness (growth, survival and reproduction) be characterised by the three 'performance traits': vegetative biomass, reproductive output and plant survival, while the morphological, phenological and physiological traits that influence these three performance traits be called 'functional traits'. Although inferred in many ecological studies, the relationships between functional and performance traits, and hence fitness, is actually seldom demonstrated (cf. Ackerly and Monson 2003) .
Although the approach presented above takes an ecological perspective on traits, it should be borne in mind that, since all species have a common ancestor at some point in their evolutionary history, there will always be some degree of similarity between species traits related to their common ancestry (cf. Silvertown et al. 1997 and references therein) . Trait conservatism might arise at different depths of the phylogeny, but some ecologically relevant traits may be labile towards the tip of the phylogeny (e.g. Cavender-Bares et al. 2009 ). Several studies have recently addressed these issues, which was made possible by the increasing availability of phylogenetic data and the accumulation of broad comparative data sets. As an example, Fig. 2 presents the distribution of leaf mass per area (LMA, the ratio of leaf mass to area, see Section 3.1) with respect to the major clades of the Tracheophytes, showing that divergence between gymnosperms and angiosperms is a major contributor to the present-day spread of this trait (Flores et al., submitted manuscript) . Comparable studies have been conducted on several other traits, including seed mass (Moles et al. 2005b ) and leaf chemical elements (Watanabe et al. 2007 ).
The future development of such analyses on a broad range of traits should help teasing out the phylogenetic from the ecological signal on trait values of extant species.
A response-and-effect framework
The response-and-effect framework around which most of this review articulates involves several components and steps as shown in Fig. 3 . In this scheme, a species is represented by two sets of connected traits (same symbol but different colours) to acknowledge the fact that some sets of traits might vary independently from one another across species (as is the case for, e.g. vegetative and regenerative traits: cf. Grime 2001) . The upper part of Fig. 3 shows the range of values displayed for these two types of traits within a species pool found in a particular geographical region and from which local communities assemble (cf. Belyea and Lancaster 1999) . From this pool, the habitat filter, which involves both abiotic and biotic components, is assumed to sort species according to their attributes (based on Woodward and Diament 1991; Keddy 1992a; Grime 2006; Suding et al. 2008; Cornwell and Ackerly 2009 ). Habitat filtering acts in reducing the range of attributes (double horizontal line in Fig. 3 ) compared to that present in the species pool, thereby inducing convergence in trait values. By contrast, the process of limiting similarity affects the spacing of trait values (trait divergence: simple horizontal line in Fig. 3 ), with two possible hypotheses. Hypothesis 1 assumes that both habitat filtering due to environmental factors and limiting similarity affect the same set of traits; this may happen when filtering is due, e.g. to resource limitation and when competitive interactions among individuals are strong. Hypothesis 2 postulates that different sets of traits are involved in the two processes; this may happen when limiting similarity is induced by disturbances (Grime 2006; Navas and Violle 2009 , and see Sections 4.2 and 4.3 for further discussion). The relative strengths of the habitat filter and limiting similarity is expected to depend on the identity of the trait in combination with the particular abiotic conditions at a site. Traits associated with the response of organisms to these abiotic and biotic factors are called 'response traits' (cf. Lavorel and Garnier 2002) .
The bottom part of the scheme (from the two lateral bended arrows downwards) presents hypotheses pertaining to the relationships between community structure and ecosystem properties (EP, hereafter; a list of abbreviations used in the review is given in Table 1 ) (based on Chapin et al. 2000; Loreau et al. 2001; Lavorel and Garnier 2002; Suding et al. 2008) . These EP pertain both to compartments (represented by symbols in the box at the bottom of Fig. 3 Trait dominance and divergence Fig. 3 A response-and-effect framework for effects of environmental factors on plant community structure and ecosystem properties (EP) via plant traits. In this scheme, a species is represented by two sets of connected traits with the same symbol but different colours. The upper part of the scheme (down to the two lateral bended arrows) presents hypotheses for assembly effects on within-community trait distribution (based on Woodward and Diament 1991; Keddy 1992a; Grime 2006; Suding et al. 2008; Cornwell and Ackerly 2009 ). The bottom part of the scheme (from the two lateral bended arrows downwards) presents hypotheses pertaining to the relationships between community structure and EP (box at the bottom of the figure): compartments (e.g. standing biomass or soil water content), represented by symbols, and fluxes (e.g. primary productivity or decomposition of litter) within or between compartments, represented by arrows (based on Loreau et al. 2001; Lavorel and Garnier 2002; Suding et al. 2008) . Direct effects of habitat filters on EP as well as potential feedbacks are symbolised by the double-dotted arrow on the left-hand side of the scheme. See Section 2.2 for further explanations as primary productivity or decomposition of litter (arrows on Fig. 3 ). EP are assumed to depend on at least two components of community functional diversity (FD): attribute dominance and attribute divergence, which both relate to the shape of the trait value distribution within the community (see Sections 4 and 5). Those particular traits that determine the effects of plants on ecosystem functions, such as biogeochemical cycling or propensity to disturbance, are called 'effect traits' (cf. Lavorel and Garnier 2002) . The two bended arrows point to two examples of species abundance distributions for a single trait, likely to induce different trait distributions (not shown on the figure) . The question marks next to these arrows point to the lack of sound hypotheses and knowledge linking presence/absence of species in a community and their abundance distribution. Finally, direct effects of habitat filters on EP as well as potential feedbacks are symbolised by the double-dotted arrow on the left-hand side of the scheme.
Ecosystem properties
The following sections will illustrate and discuss various aspects of this scheme. We will begin by a prominent research area for functional traits, which can be thought of as developing a short list of trait dimensions (Westoby et al. 2002) , allowing us to grasp a functional perspective on the diversity of organisms.
A functional characterisation of plants
Among the wealth of traits measurable on an individual, those of interest to comparative functional ecology must fill at least four conditions ; Fig. 1 ). They should (1) bear some relationship to plant function, (2) be relatively easy to observe and quick to quantify ('functional markers': Garnier et al. 2004) , (3) be measurable using standardised protocols across a wide range of species and growing conditions (Hendry and Grime 1993; Cornelissen et al. 2003b; Knevel et al. 2005) and (4) have a consistent ranking -not necessarily constant absolute values -across species when environmental conditions vary (Garnier et al. 2001a; Cornelissen et al. 2003a; .
Identifying such measurable traits provide the means to compare species worldwide. However, individual traits should not be considered in isolation because pairs or groups of traits often co-vary (Grime 2001; Westoby et al. 2002) . Opinions vary, but three such dimensions are now widely accepted as important to plant functioning and ecological strategies (Westoby 1998; Westoby et al. 2002) : resource use, height and seed size. These are detailed below.
The resource use dimension
Persistence in a site depends to a large extent on how individuals use (i.e. acquire, retain and loose) their resources. The functioning of green leaves is of prime importance since it sets the pace of carbon input in the plants (and ecosystems) and controls many aspects of plant metabolism.
A fundamental trade-off between fast acquisition rate and efficient conservation of resources has been discussed in the ecological literature for the last four decades (Small 1972; Grime 1977; Chapin 1980; Berendse and Aerts 1987; Reich et al. 1992) . However, only in the last 15 years or so has the availability of large sets of data allowed us to quantify these trade-offs and identify the trait syndrome that could be used to describe it on a broad scale Reich et al. 1997; Wright et al. 2004) . A worldwide survey conducted by the Global Plant Trait Network (Glopnet) on individuals of more than 2,500 species growing under field conditions for six leaf traits -mass-based maximum photosynthetic rate (PS m ), dark respiration rate, leaf life span (LLS), specific leaf area (SLA, the ratio of leaf area to leaf mass), leaf nitrogen and phosphorus concentrations (LNC and LPC, respectively), further expanded to leaf potassium concentration ) -shows a negative correlation between PS m and LLS, largely independent of growth form, plant functional type or biome (Wright et al. 2004; Fig. 4) . Rapid photosynthesis tends to be associated with high specific nutrient (at least nitrogen) uptake and high relative growth rate (RGR; Poorter and Garnier 2007 and references therein), while a long LLS relates to a long residence time of nutrients (the average time a molecule remains in the plant once it has been taken up: Berendse and Aerts 1987) within the plant (Berendse and Aerts 1987; Garnier and Aronson 1998; Eckstein et al. 1999; Aerts and Chapin 2000; Kazakou et al. 2007 ). Leaf photosynthetic rate and life spans are, therefore, two traits that can be used to assess the position of species on the acquisition/conservation trade-off. The Glopnet data set also showed that PS m and LLS were, respectively, positively and negatively related to SLA, LNC and LPC and leaf respiration rate (Wright et al. 2004) , while leaf potassium concentration was only loosely related to these various traits . Hence, the idea of a worldwide 'leaf economics spectrum' (LES) composed of these different leaf traits, which runs from quick to slow return on investments of nutrients and dry mass in leaves. The Integrated Screening Programme conducted under laboratory conditions on a more limited number of species but a wider range of traits point to the same conclusions .
It is recognised that many of the physiological and protective features of green leaves persist through senescence, leading to the so-called afterlife effects (Grime and Anderson 1986) , whereby certain features of living organs relate to those of dead leaves, i.e. leaf litter Wardle et al. 1998; Cornelissen et al. 1999; Pérez-Harguindeguy et al. 2000) . A recent meta-analysis involving 818 species from 66 decomposition experiments on 6 continents indeed showed that the degree to which inter-specific variations in living leaf structure and composition affect the decomposition rate of litter could be as large as the effect of global climatic variation (Cornwell et al. 2008) . This meta-analysis showed that both SLA and LNC, two traits involved in the LES, were positively related to litter decomposition rate. Leaves with high SLA and LNC, therefore, tend to produce litter with chemical and/or Fig. 4 Relationship between LLS and maximum leaf photosynthetic rate in the Glopnet data set (for details, see Section 3.1). Each point represents a species, and colours are for different biomes: yellow tropical forests, green temperate forests, blue arctic tundra, dark purple Mediterranean garrigue. Correlation coefficient, −0.82 (P < 0.001, n = 512). Data from Wright et al. (2004) structural properties leading to rapid decomposition. The LES, therefore, not only corresponds to features of green, living leaves, but also extends to those of leaf litter.
Among the traits involved in the LES, SLA appears as the easiest, quickest and cheapest to measure and is thus widely used to assess the position of species on the acquisition/conservation trade-off (Westoby 1998; Weiher et al. 1999; Westoby et al. 2002) . Wilson et al. (1999) challenged this conclusion and proposed that leaf dry matter content (LDMC, the ratio of leaf dry mass to leaf water-saturated fresh mass) be used instead of SLA for this purpose. LDMC, which is one of the SLA components together with leaf thickness and density Garnier et al. 2001b; Vile et al. 2005) , is indeed easier to measure and less prone to measurement errors than SLA since only masses have to be measured, is less variable than the latter among replicates (Wilson et al. 1999; Garnier et al. 2001a ) and might be used when species from shaded habitats are involved in the comparisons (Wilson et al. 1999) . Although these statements may be correct, we currently lack an evaluation comparable to that which has led to the identification of the traits involved in the LES for LDMC. Limited evidence suggest that LDMC is less tightly related to PS m and RGR than SLA at the whole-plant level (Poorter and Garnier 2007) , while the comparison of three data sets where SLA, LDMC and LLS are available (Ryser and Urbas 2000; Wright 2001; Prior et al. 2003; Navas et al. 2010 ) shows a looser relationship between LDMC and LLS than between SLA and LLS (Fig. 5) . By contrast, in the few experiments where litter decomposition has been related to SLA and LDMC, the relationship has always been found to be tighter with the latter (Fortunel et al. 2009a) . This is probably because LDMC, which reflects the proportion of hard tissues in the leaves (Garnier and Laurent 1994) , is the SLA component which relates best to initial litter properties controlling decomposition (cf. Kazakou et al. 2009 ). Therefore, if we want to capture a maximum of aspects of plant functioning from resource acquisition to resource cycling in the environment via litter decomposition, both SLA and LDMC should be measured.
Interestingly, recent broad-scale inter-specific comparisons of wood traits in trees suggest that an economics spectrum might also apply to other organs of the plant, the trunk in these particular cases (Chave et al. 2009; Weedon et al. 2009; Freschet et al. 2010 ).
The height dimension
As an overall assessment of plant stature, height is a quantitative trait which has been adopted by virtually everyone doing comparative plant ecology (Westoby et al. 2002 and references therein) . The height dimension of an individual should be considered in relation to the height of neighbours: being taller than neighbours confers competitive advantage through prior access to light and is, therefore, central to a species' carbon gain strategy (King 1990; Westoby et al. 2002) . The height at which flowers and seeds are produced might also influence reproductive biology, dispersal in particular (Greene and Johnson 1989; Bazzaz et al. 2000) .
Height has been shown to be the primary driver of light extinction down the canopy of plant species (Fig. 6a) (King 1990; Violle et al. 2009 ), explaining most of the variation in growth reduction of competing individuals (Gaudet and Keddy 1988; Violle et al. 2009 ). In spite of this very clear effect and its easiness of measurement, the interpretation of height attributes should be done with caution, since height is very dynamic, depending strongly on plant Fig. 5 Comparisons of relationships between a LLS and SLA and b LLS and LDMC. Correlation coefficient for the relationship in a r = −0.88 (P < 0.001, n = 165) and b r =0.80 (P < 0.001, n =165). Black points data from Ryser and Urbas (2000) , grey points data from Wright (2001) , green points data from Prior et al. (2003) , white points data from Navas et al. (2010) ontogeny and disturbance regime in particular. This originally led Westoby (1998) to propose the use of canopy height at maturity (or potential canopy height) as the trait describing this strategy dimension.
This notion of potential canopy height is widely used for trees, for which the distinction between vegetative and reproductive heights can be ignored. This is not the case for herbaceous species, where the top of reproductive structures may be substantially higher than the top of vegetative parts. It has, therefore, been argued that, in these species, vegetative and reproductive plant heights be explicitly considered as two different traits (McIntyre et al. 1999; Vile et al. 2006b; Garnier et al. 2007) . McIntyre et al. (1999) even suggested that the prominence of the inflorescence above the vegetative plant body be considered a specific response trait to disturbance in grasses. In addition, vegetative plant height might sometimes be difficult to define from a morphological perspective in herbaceous species. For example, some annual grasses produce only one rapidly heading tiller, while some rosette species produce a stalk at the end of an elusive vegetative stage and some legumes with indeterminate growth produce leaves and flowers at the same time. In these cases, reproductive height at maturity is the only operational assessment of plant height. How it relates to the relative competitive ability for light still remains to be assessed, however (see discussion in Violle et al. 2009 ). It follows that, for broad-scale comparisons of herbaceous species differing in growth forms and habits, reproductive plant height might be the most relevant trait to measure.
Height also correlates with a number of other dimensions pertaining to plant stature. In trees, it is positively related to trunk basal area up to a certain height, with speciesdependent relationships (e.g. King 1990; Niklas 1995a, b; Wirth et al. 2004) . A combination of height with basal area in equations of the form ([Basal Area] 2 ×Height) has extensively been used to assess tree above-ground biomass, with improved estimations when wood-specific gravity is taken into account (Chave et al. 2005 and references therein). Similarly, in herbaceous plants, plant height scales positively with stem diameter (Niklas 1995b) and average cross-sectional area of roots (Wahl and Ryser 2000; Hummel et al. 2007 ). Such increases in several plant dimensions are likely to confer higher stiffness and better anchorage abilities necessary for enlarged height growth. Tall plants also tend to be deep-rooted (e.g. Schenk and Jackson 2002; Violle et al. 2009 ). As soil humidity increases with soil depth during dry periods (e.g. Meinzer et al. 1999) , tall plants are likely to have access to larger water sources than would smaller, shallow-rooted plants (Schenk and Jackson 2002) . Whether this can improve water status during drought will depend in particular on how plant height (and rooting depth) relates to total plant leaf area and stomatal regulation of transpiration.
Finally, plant height is also an important part of a coordinated suite of life history traits including seed mass, time to reproduction, longevity and the number of seeds a plant can produce per year (Moles and Leishman 2008 and references therein) . In particular, a high reproductive height enhances pollination and/or efficiency of seed dispersal in herbaceous species (Waller 1988 .93 (P < 0.001, n = 18); coefficient of linear regression in b r 2 = 076 (P < 0.001, n = 18). Redrawn from Violle et al. (2009) 1995; Lortie and Aarssen 1999; Soons et al. 2004) , explaining the large investment of many grassland plant species, especially rosette plants, in stalk length (Bazzaz et al. 2000) . In trees, the height at which seeds are released has a positive effect on the distance at which these seeds are dispersed and is one of the parameters taken into account in most dispersal models (e.g. Greene and Johnson 1989; Kuparinen 2006) .
Beyond these positive correlations, height carries several trade-offs which are not fully understood: these include the upper limit on height, the pace at which species grow upwards, the duration over which stems persist at their upper height (King 1990; Westoby et al. 2002) .
The seed size dimension
Seed mass varies among species over a range of more than ten orders of magnitude (Harper et al. 1970; Moles et al. 2005a ) and appears to be one of the least plastic components of plant structure (Harper et al. 1970) . Seed mass affects virtually all aspects of plant ecology, including dispersal, seedling establishment and persistence (Harper et al. 1970; Westoby 1998; Weiher et al. 1999; Fenner and Thompson 2005) .
A well-documented trade-off pertaining to seed production concerns seed mass and number. For a given carbon investment to reproduction, plants can either produce many small or few large seeds (Smith and Fretwell 1974; Shipley and Dion 1992; Leishman et al. 2000) (Fig. 7) and seed mass appears as the best easy predictor of seed output per square metre of canopy cover (Westoby 1998) . These extremes, therefore, reflect two different strategies of maximising either output or competitive ability (Jakobsson and Eriksson 2000) . The large output advantage of smallseeded species is actually counter-balanced later in the life cycle, mainly at the seedling stage: large seeds tend to produce large seedlings both within and among species (reviewed in Leishman et al. 2000) , which have a higher probability of survival under different kinds of unfavourable environmental conditions (Jakobsson and Eriksson 2000; Leishman et al. 2000 and references therein) . This includes situations where seedlings compete with established vegetation and/or other seedlings, germinate under deep shade, in the soil or under a deep litter layer (reviewed in Westoby et al. 2002) . Such advantages are the consequence of large seeds having larger amount of reserves, allowing seedlings to sustain respiration for longer periods under carbon deficit (Westoby et al. 2002) .
The relationships between seed mass and species dispersal ability in space and time have also been the subject of much research. Dispersal in space has been related to seed mass, in that wind-dispersed seeds tend to be light in mass and that small seeds are associated with large seed production enhancing dispersal by itself (Weiher et al. 1999 ). However, dispersal distances, which also depend on other attributes of the propagule and dispersal agents themselves, have not been found to be easily related to seed mass or any other plant attribute (Hughes et al. 1994) . Dispersal in time can be assessed as the propagule longevity in the seed bank (Thompson et al. 1998) . Thompson et al. (1993) were the first to show that a combination of seed mass and shape could be used to predict seed persistence in the soil: in the British flora, small and compact (round) seeds were found to persist longer in the seed bank than large and elongated seeds. This has subsequently been found in other European, South American and Iranian floras (references in Fenner and Thompson 2005) , but not in the Australian flora (Leishman and Westoby 1998) . Fenner and Thompson (2005) argued that this was due to the presence of many large, hard-seeded species in the Australian data set, which were likely to be persistent because of their physical dormancy. Whatever the case, persistence in the seed bank might well depend on seed attributes other than simply size and shape.
Finally, seed mass is connected with other traits such as growth form and plant height. On average, seed mass is higher in woody than in herbaceous species, in trees than in shrubs and in herbaceous perennials than in annuals (Moles et al. 2005a; Tautenhahn et al. 2008 and references therein).
Individual seed mass (g, log scale) Relationship between number of seeds per ramet (e.g. individual vegetative unit) and the average mass of individual seeds of herbaceous angiosperms for three data sets. Grey points data for 285 ramets representing 57 species from wetlands, roadsides, old fields, ditches and woodlands (taken from Shipley and Dion 1992); black points data for 34 species growing in Mediterranean old fields (taken from Vile et al. 2006b ); white points data for 18 species from Mediterranean old fields grown in an experimental garden at two nitrogen levels (taken from Fortunel et al. 2009b ). Correlation coefficient: r=−0.61 (P<0.001, n=347)
More generally, large species tend to produce larger seeds than small species (Rees 1997; Thompson et al. 1998; Rees and Venable 2007) , and there is currently intense debate as to what evolutionary models might account for this positive relationship (Venable and Rees 2009; Westoby et al. 2009 ). It is beyond the scope of this paper to review the different arguments put forward, and we will simply report here some of the concluding sentences proposed by Venable and Rees (2009) : 'So why do large plants have large seeds? […] The pattern is a weak one. While very small plants never produce seeds as large as those of big seeded trees, plants of any size have seeds that vary approximately 400-650-fold between species. In terms of the fitness consequences of seed size, this is a huge inter-specific range, independent of adult size'.
Beyond a three-dimensional scheme
The restricted number of traits discussed above should be considered as capturing a shortlist of leading, readily quantifiable dimensions of variation among species (Westoby et al. 2002) . The list needs not stop here, but if reasonably wide agreement can be achieved about a few traits worth measuring consistently, then we may hope for considerable benefits from using these traits as predictors of ecological behaviour (Westoby 1999; Westoby et al. 2002) . These traits could then be used to compare ecological communities on common grounds and/or literature synthesis.
It is clear, however, that the limited number of dimensions captured by such a short list of traits cannot account for all aspects of plant and vegetation functioning. For example, to understand vegetation response to disturbance (McIntyre et al. 1999; Weiher et al. 1999) , land use change ) or water availability (Ackerly 2004) , traits relevant to the particular environmental variable under investigation should be measured. But the key point is that traits describing the leading dimensions identified so far should be included, as well as absolute variables, allowing one to compare species and experiments. This was indeed the case in the four examples mentioned above in which SLA, plant height and seed mass were actually considered.
Only above-ground traits, which are relatively easily accessible, have been discussed so far. Recent studies have endeavoured to provide the same kind of information below-ground, focusing on the functions of root traits, trade-offs among them, and how they relate to aboveground traits that could then be used as proxies for belowground function and references therein). Suites of correlated traits appear to also exist in roots and represent a trade-off between root longevity and growth rate (cf. Roumet et al. 2006; Craine 2009; Freschet et al. 2010 ). However, root traits are definitely not easy to measure, and a number of challenges still need to be addressed ): (1) identify traits related to key root functions such as nutrient acquisition, anchoring, rhizospheric activity, decomposition rate; (2) test relationships between leaf and root traits for later use of leaf traits as potential proxies of root functions; (3) standardise root trait measurements for broad comparisons. Further leading dimensions pertaining to root functioning might well be identified in the near future, provided that root research catches up with that conducted on the other structures of the plant.
4 A functional approach to plant community structure
Environmental gradients and response traits
Plant functional traits have been intensively used to identify groups of species with similar response to a particular environmental factor (upper part of Fig. 3 ), defined as functional response groups (Gitay and Noble 1997; Lavorel et al. 1997) . There is now a large body of data documenting how plant traits vary in relation to major environmental factors. Although most significant associations between traits and environmental factors have been obtained using a correlative approach, some of them appear robust enough among sites and vegetation types to form the basis of functional classifications for global-scale modelling Harrison et al. 2010) .
Recent reviews document which traits vary consistently along environmental gradients, thereby identifying 'response traits' (Lavorel and Garnier 2002) . Leaf traits related to resource economy, including SLA, vary with nutrient availability, as do some root traits (Lavorel and Garnier 2002; Lavorel et al. 2007; Ordoñez et al. 2009 ). Traits describing plant phenology, leaf structure and/or root morphology vary with water availability (Niinemets 2001; Ackerly 2004; Mitchell et al. 2008) . Life cycle, plant morphology and re-growth ability are involved in plant response to grazing (Diaz et al. 2007 ) and/or to fire (Ackerly 2004; Pausas et al. 2004; Keith et al. 2007) .Traits linked to more complex environmental gradients have also been identified. For example, traits responding to change in temperature or moisture availability such as life form, leaf size, plant height and root architecture can be used to describe the response to climate (Thuiller et al. 2004; Fortunel et al. 2009a; Moles et al. 2009 ). Similarly, leaf traits related to resource economy, plant phenology and life form have been found to vary significantly along gradients of secondary succession Navas et al. 2010 ) and land use Quétier et al. 2007 ). The reader is referred to these various studies for more details.
A key issue in this analysis of trait response to environmental factors is that the abundances of those species which persist in a community are usually not identical. In general, plant communities have a typical structure with a relatively small number of dominant species which account for a high proportion of the total biomass and a large number of minor species that account for a low proportion of the biomass (Whittaker 1965; Grime 1998) . It has been argued that this pattern of abundance was reflecting differential adequacy between species and their environment, dominant species being better fit than less abundant species (Vile et al. 2006a; Cingolani et al. 2007 ). This generally results in a tighter relationship between traits and environment when species abundance is taken into account by calculating community-weighted means (CWM) of traits (see Section 4.5 and Fig. 8a ) Shipley et al. 2006; Vile et al. 2006a; Cingolani et al. 2007 ; and see discussion in Pakeman et al. 2008 ).
Assembly rules and environmental filters
The need to identify rules governing the assembly of communities to predict which subset of the species pool found in a particular geographical region will occur in a specific habitat (first steps described in Fig. 2 ) was first recognised by Diamond (1975) . However, rules originally searched for by description of plant or animal associations were highly contingent and failed to provide us with general principles about actual multi-species communities. More recently, assembly rules have been considered as resulting from the impact of filters imposed on a regional species pool that filter out phenotypes with non-appropriate values of response traits, whereas species with appropriate trait values survive to reproduce (Keddy 1992a; Weiher and Keddy 1999; McGill et al. 2006) .
It has been hypothesised that community organisation was the result of three main filters operating at different levels (Belyea and Lancaster 1999; Lortie et al. 2004) : (1) a dispersal filter, which determines the pool of potential colonists available at a particular time and place in relation to stochastic biogeographical events, storage effects and landscape structure; (2) an abiotic filter, which expresses the impacts of environmental conditions (soil pH, humidity, temperature, etc.), resource availability and disturbance; (3) a biotic filter, pertaining to positive and negative interactions among organisms in the community. The two latter filters restrict species establishment and mediate interactions among successful colonists: individuals are filtered on the bases of their physiological tolerance to the environment and their ability to cope with organisms they interact with. Recently, new experimental and statistical procedures aiming at disentangling the relative effects of these different filters have demonstrated a major impact of habitat filtering over stochastic events especially due to dispersal (Gilbert and Lechowicz 2004; Cornwell et al. 2006) : although the taxonomic identity of . The Y-axis shows the α trait variation for a number of species (each symbol and line represent a different species) present in the different situations along the gradient (the grass Bromus erectus is the only species present in the 6 situations and is shown in red). Data taken from Fayolle (2008) co-occurring species was found to depend on historical contingency, species with similar trait values tended to cooccur more often than expected by chance.
Assembly rules and trait distribution within communities
Identifying how community assembly processes shape the distributions of trait values within and among communities is a major goal of community ecology (Weiher and Keddy 1995; Weiher and Keddy 1999; McGill et al. 2006) . Trait distribution at a site is said to be convergent (respectively divergent) when the range of trait values is narrower (respectively larger) than expected by chance. Habitat filtering generally leads to convergence of traits within a community (cf. Fig. 2 ) due to common adaptation to the physical environment (Cornwell and Ackerly 2009; de Bello et al. 2009 ). However, convergence is generally more stringent in vegetative traits responding to resource levels than in regenerative ones responding to disturbance (Grime 2006 ) (cf. the two hypotheses shown in Fig. 2 ). By contrast, niche differentiation that limits interactions among similar plants-the limiting similarity principle-leads to trait divergence (Stubbs and Wilson 2004; Wilson 2007; Cornwell and Ackerly 2009 ). Therefore, the extent to which trait values tend to converge or diverge within communities depends on the balance between processes related to habitat constraints and those leading to limiting similarity between individuals. As a consequence, attribute convergence varies with spatial scale: traits involved in interactions with other plants such as those describing resource use are generally less convergent at the neighbourhood scale than at the habitat scale (McKane et al. 2002; Stubbs and Wilson 2004; Cavender-Bares et al. 2009 ). Convergence of traits may also vary with time: divergence is often promoted in the regenerative phase (Fukami et al. 2005; Kraft et al. 2008 ) as a response to the unpredictability of disturbance events governing recruitment (Grime 2006) , whereas traits used to characterise the established phase of the life cycle tend to converge as a result of the non-random mortality of juveniles. Changes in trait distribution among communities are not only due to species replacement: the intra-specific variability of traits due to phenotypic plasticity or ecotypic variation is far from being negligible (cf. Fig. 8b ) and may explain a substantial part of attribute variations along regional gradients (Cornwell and Ackerly 2009 ). The relative importance of inter-vs. intra-specific variability of attributes is likely to depend on the situation under study because of large differences in intra-specific variability among traits along different types of gradients (Garnier et al. 2001a; Roche et al. 2004) . Characterising this relative importance on trait distribution is critical in the context of global change: organisms might first respond to shifts in environmental conditions through plasticity of individual species, while species replacement and/or genetic shifts within the species might then follow (Ackerly 2003) , with larger impact on functional characteristics of communities.
Recognising the importance of intra-specific variation among sites, Ackerly and Cornwell (2007) proposed to decompose species mean trait value into two components: beta trait value refers to species mean position along an environmental gradient (i.e. a measure of niche position) and alpha trait value is the difference between a species trait value and the weighted mean of co-occurring taxa within a community (Fig. 8) . This partitioning of trait values builds on alpha and beta niche of species (Pickett and Bazzaz 1978; Ackerly et al. 2006) : the alpha niche refers to attributes that differentiate a species from cooccurring taxa and, therefore, may contribute to nonneutral maintenance of species diversity within a community, whereas the beta niche refers to species distribution across habitat or geographic gradients. Beta trait values have generally lower divergence than expected at random (cf. example of Mediterranean rangelands along a nutrient gradient, Fig. 8b ), an observation consistent with the hypothesis of trait convergence due to habitat filtering. By contrast, alpha trait values are generally highly variable, which might be interpreted as a limiting similarity effect (Cornwell and Ackerly 2009; de Bello et al. 2009 ).
Phylogeny, traits and community assembly
A highly debated issue is to understand whether trait convergence as discussed above is related to the position of species in the phylogeny (Webb et al. 2002) . A frequent assumption is that closely related species are more similar in terms of environmental requirements than more distantly related species (niche conservatism). According to this hypothesis, a clustered phylogenetic structure of communities is expected when traits converge because of habitat filtering: species should be more often phylogenetically related than expected at random. However, at the neighbourhood scale where trait divergence is due to processes limiting similarity between plants, the same hypothesis leads to the prediction of an over-dispersed phylogenetic structure: interacting species should be less often phylogenetically related than expected at random. By contrast, habitat filtering might lead to an over-dispersed phylogenetic structure if traits important for habitat specialisation are labile and close relative species specialise for different niches.
Understanding the influence of phylogeny on the functional structure of communities has been the topic of numerous experimental studies (for a recent review, see Cavender-Bares et al. 2009) . A first conclusion is that phylogenetic conservatism differs among traits; for example, seed mass is a highly conserved trait among American Quercus species, whereas plant height is not (CavenderBares et al. 2006) . A second conclusion is that the phylogenetic structure of communities is generally nonrandom at multiple spatial and taxonomic scales, revealing a major influence of habitat filtering and competitive interactions on species distribution. Unravelling the impacts of phylogenies on community assembly is still in its infancy and is a whole research field under development. A central issue will be to detect the importance of the phylogenetic signals on traits (see example of the phylogeny of LMA in Fig. 3 ), which will be made possible by the increasing availability of phylogenetic data, computing power and informatics tools ). Possible applications include the prediction of ecosystem processes from the phylogenetic structure of communities, provided that effect traits as defined above are phylogenetically conserved (Cadotte et al. 2009 ).
The functional structure of communities
The functional structure of a community has been originally described by the diversity in functional types based on differences in life form, plant morphology or resource acquisition types (e.g. N-fixing or non-fixing species, C4 or C3 photosynthetic pathways, etc.) (Lavorel et al. 1997) . Because of limitations of methods based on discrete and subjective classifications, the functional diversity (FD) of communities is currently defined as the value, range and relative abundance of traits found in a given community (Díaz et al. 2007a ).
This functional structure can be described through two components, value and range of traits (cf. Fig. 3 ), corresponding to two types of quantitative variables. The first ones allow one to estimate the average value of traits in the communities and can be written as:
where CFP represents the functional parameter of the community (Violle et al. 2007b ), p i and trait i are, respectively, a weighting factor and the trait value for species i and n is the total number of species in the community. When only presence/absence data for species are available, all p i are fixed at the same value (1/n) and the calculated CFP are unweighted averages; when species abundances are known, a common procedure is to use the relative abundance of species as p i values, thereby calculating CWM ; for different weighting procedures, see also Hodgson et al. 2005) . CWM represents the most probable attribute that a species taken at random in the community will display. This calculation is based on the mass-ratio hypothesis (Grime 1998 , and detailed in Section 5.1), which proposes that the controls on function by species are proportional to their abundance. CWM is a robust index showing low susceptibility to experimental procedures used to evaluate species relative abundance and trait values ).
The second type of variables aims at describing the functional dissimilarity among the species present in the communities. Numerous indices have been proposed to do so (reviewed in Petchey and Gaston 2006) . Some are based on the sum of (functional attribute diversity: Walker et al. 1999) or average (quadratic entropy: Lepš et al. 2006) functional distances between species pairs in a multivariate functional trait space, distances between species along a hierarchical classification (FD: Petchey et al. 2004) or on the distribution of abundances along functional trait axes (FD var : Mason et al. 2003) . More recently, indices of phylogenetic diversity that specifically take into account species abundance in the community were proposed as surrogate of FD for traits supposed to be highly conserved through phylogeny (Cadotte et al. 2010) .
The design and use of these indices are currently highly debated. A critical point is that they must meet several criteria to be of general use: they must be designed to deal with several traits if necessary, take into account species abundance and measure all facets of FD. First, the question of how many and which traits to use is crucial to get as complete an identification of FD as possible: traits must be relevant to account for mechanisms of species coexistence as well as effects of species on ecosystem functioning (see Section 5.1). Increasing the number of traits should thus make the identification of FD clearer; however, this can induce trivial relationships with species richness that should be avoided. These arguments led Lepš et al. (2006) to suggest that traits that represent different ecological strategies or allow one to assess ad hoc response to environmental factors are the best candidates. By contrast, quantitative methods for selecting traits without a priori arguments are currently being developed (BernhardtRomermann et al. 2008; Sonnier et al., submitted) . Second, the effect of each species in the calculation of indices has to be weighted according to abundance in order to reflect species contribution to ecosystem functioning, as stressed above and in Section 5.1. This criterion, whose importance remains to be established in the case of community dynamics, is not fulfilled for most indices based on functional distances between species pairs. Third, FD is a rather complex idea that can be partitioned into three components: functional richness, defined as the volume of the functional space occupied by the species in the community; functional evenness, defined as the regularity of the distribution of abundance in this volume; functional divergence (FDvg, hereafter), represented by the divergence in the distribution of abundance in this volume (Fig. 9 ). Initially calculated with single-trait indices (Mason et al. 2005) , new procedures using several traits have been recently proposed (Villeger et al. 2008) . Among these components, FDvg appears of particular interest to characterise the FD of communities by revealing the complementary (high FDvg) or similarity (low FDvg) in species traits within a community, corresponding to the divergence vs. convergence issue as discussed in Section 4.4.
Traits and ecosystem properties
Chapin et al. (2002) recognise that EP are controlled by two broad categories of factors: (1) independent controlling variables (state factors), which are climate, parent rock material, topography, potential biota and time, and (2) interactive controls, which are factors that both control and are controlled by EP: resources, modulators (temperature, pH, etc.), disturbance, biotic community and human activities. The occurrence of different controls on EP at large scales is illustrated in Fig. 10 , showing the relationships between net primary productivity (NPP) of different biomes and either annual rainfall or mean height of vegetation. For a detailed account of these different controls on various EP, the reader is referred to, e.g. Schulze and Zwölfer (1987) , Aber and Mellilo (2001) and Chapin et al. (2002) . Here, we will focus on studies which have explicitly investigated the controls that plants, as major players in the biotic component, might exert on EP, alone or in combination with various other factors.
Awareness that plant communities have substantial impacts on EP has long been recognised (reviewed in Vitousek and Hooper 1993; Grime 2001; Chapin et al. 2002; Wardle 2002; Eviner and Chapin 2003) . The issue of whether and why more species and/or predefined functional groups have significant effects on the functioning of ecosystems has been the subject of a lively debate over the past two decades (for recent syntheses, see, e.g. Loreau et al. 2001; Hooper et al. 2005; Balvanera et al. 2006; Cardinale et al. 2006; Cardinale et al. 2007; Naeem et al. 2009 ), and there is now a growing consensus that EP depends more on the functional characteristics of species than on their number Grime 1997; Díaz and Cabido 2001; Lavorel and Garnier 2002; Díaz et al. 2007a ). As discussed in Section 4.5, these functional characteristics translate into two components of community FD, value and range of traits. These components can be theoretically linked to two broad hypotheses concerning the relation between diversity and EP: the selection mechanism (i.e. the selection of the dominant species: Grime 1998) and the niche complementarity effect (Petchey and Gaston 2006) , respectively. Díaz et al. (2007b) proposed a framework to assess the relative importance of abiotic and biotic controls on EP and the services they can deliver to humans, which takes into account these two components of FD. In this framework, the effects of abiotic factors are tested first, followed by those of CWM and FD; finally, potential effects of particular species and/or species groups not accounted by FD metrics are considered. In the remaining part of this section, we will, therefore, focus on studies examining the impact of FD components on EP, thereby addressing the question of how organisms and communities affect ecosystem functioning.
The biomass ratio hypothesis: community-level weighted means of traits
The selection effect forms the basis of the 'biomass ratio hypothesis' (BRH: Grime 1998), which states that particular traits of locally abundant species will determine the rate and magnitude of instantaneous ecosystem processes. Such traits have been called 'effect traits' (Díaz and Cabido 2001; Lavorel and Garnier 2002 ; cf. Fig. 3 ). According to the BRH, EP therefore depend on CWM of effect traits Díaz et al. 2007a; Violle et al. 2007b ). An increasing number of studies show that this hypothesis Fig. 9 Components of FD. Functional richness corresponds to the portion of niche axis represented by the range of trait values found in the community. Functional evenness and divergence represent, respectively, the regularity and divergence of distribution of traits across the niche axis. Here, we represent two theoretical cases representing contrasted patterns in functional evenness and divergence for a same functional richness and average trait value holds for some key biogeochemical processes such as primary productivity, components of the water balance, leaf digestibility and litter decomposition.
Components of primary productivity
Several traits related to plant growth and/or to the LES described above have been shown to affect ecosystem NPP or some of its components. Early literature surveys, which did not take species abundance into account, have shown positive associations between whole-plant RGR averaged across species and ecosystem above-ground net primary productivity (ANPP) across biomes . Building on Chapin's work (1993), a formal relationship between species traits and NPP has been proposed by Lavorel and Garnier (2002) , which formalises the BRH as applied to productivity of ecosystems:
where n is the total number of species in the community, N i is the number of individuals of species i per unit ground area, Mo i is the initial average biomass of individuals of species i, RGR i and (t f −t 0 ) i are, respectively, the RGR and period of active growth of species i and ΔT is the period over which NPP is assessed. Due to the difficulty to access the underground compartment, to date, most tests of Eq. 2 have been conducted taking only above-ground plant parts into account. Since realised RGR is particularly difficult to assess in the field, this relationship has been tested using either RGR data measured in the lab (RGR max ) or independent measurements of traits involved in the LES and/or assumed to be related to RGR (see Section 3.1). Leoni et al. (2009) report that inter-specific differences in RGR max measured under controlled conditions on dominant species of grazed and ungrazed plots of Uruguayan grasslands tend to scale up with above-ground NPP (ANPP) measured in these plots (Altesor et al. 2005 ). This suggests that species ranking for RGR max and realised RGR remains comparable in spite of the complex differences in ontogeny, plant-environment and plant-plant interactions involved in the comparison between laboratory and field-grown plants (see discussion in Vile et al. 2006a) . Different relationships were found between the CWM of various leaf traits and ANPP: ANPP was found to be related to CWM_leaf angle in Australian grasslands , to CWM_leaf area in subalpine grasslands in the French Alps (Gross et al. 2008 ) Fig. 10 Examples of potential abiotic and biotic controls on ANPP of terrestrial ecosystems. Relationships between ANPP and a annual precipitation (redrawn from Gower 2002) and b average height of the vegetation (data taken from Saugier et al. 2001 ) for different biomes. Note that classification of biomes and ANPP values for a given biome might differ between the two studies in a BODBL boreal deciduous broadleaved, BODNL boreal deciduous needle-leaved, BOENL boreal evergreen needle-leaved, DESRT deserts, TEMGS temperate grasslands, TROGS tropical grasslands, TEDBL temperate deciduous broadleaved, TEEBL temperate evergreen broadleaved, TEENL temperate evergreen needle-leaved, TRDBL tropical deciduous broadleaved, TREBL tropical evergreen broadleaved, TUNDR tundra, WDLND woodlands; in b BORFT boreal forests, CROPS crops, DESRT deserts, MEDSH Mediterranean shrublands, TEMFT temperate forests, TEMGS temperate grasslands, TROFT tropical forests, TROGS tropical savannas and grasslands, TUNDR tundra. Correlation coefficient in a r=0.90 (P<0.001, n=13) and in b r=0.91 (P<0. 001, n=8) and to a combination of CWM_LDMC and traits of roots and rhizomes in mesocosms of mountain grasslands of Central France (Klumpp and Soussana 2009) .
In studies conducted on herbaceous ecosystems where maximum above-ground standing biomass (AGB mass ) was used as an estimate of ANPP (for discussion, see Scurlock et al. 2002) , CWM_leaf area was positively related to AGB mass ), while Garnier et al. (2004) found weak negative relationships between AGB mass and CWM_SLA and CWM_LDMC and Díaz et al. (2007a) did not find any significant relationship between AGB mass and any CWM value.
ANPP is a ground area-based variable (expressed in, e.g. grammes per square metre per day), and in Eq. 1, traits are weighted by the absolute biomass of species in the community (N i ×Mo i ). This means that ANPP depends on the initial standing biomass of the whole community (see also Section 5.4) as much as on species traits. To account for this mass effect and assess more directly the role of traits as components of ecosystem productivity, Reich et al. (1992 Reich et al. ( , 1997 calculated the ANPP/live canopy dry mass ratio ('ecosystem production efficiency'), while built on Eq. 2 to devise a 'specific net ecosystem productivity' as:
where p i is the initial proportion of species i in the community, instead of its biomass. Ecosystem production efficiency and SNPP are both in units of grammes per gramme of green biomass per unit time and can be viewed as the RGR of the whole community. In the survey conducted by Reich et al. (1992) , ecosystem production efficiency (above-ground) was found to be positively related to SLA and negatively related to LLS in forest stands. Testing Eq. 3 in a successional sere of Southern France, Garnier et al. (2004) found tight relationships between both CWM_ SLA and CWM_LNC and aboveground SNPP (see also Klumpp and Soussana 2009) . Interestingly, working in the same successional sere, Vile et al. (2006a) found a positive relationship between aboveground SNPP and CWM_RGR max . In these three studies, traits involved in the LES were thus shown to have a significant impact on ecosystem productivity. Contrasting with these results in support of the BRH, Díaz et al. (2007a) found that ANPP and above-ground SNPP were both unrelated to any CWM in French subalpine grasslands, but were dependent on an index of nitrogen limitation. Over a much broader spatial scale, a study of 60 plots spread across the Amazonian forest from the Pacific to the Atlantic coasts and covering a 4,000-km range from north to south showed that coarse wood production was unrelated to CWM of maximum height and wood density and was primarily driven by environmental factors, which were not explicitly identified (Baker et al. 2009 ).
Clearly, the impacts of abiotic factors vs. those of the functional structure of the community on components of ecosystem NPP requires further testing on a wide range of situations.
Decomposition and accumulation of litter
Given the close coupling between SNPP and/or ecosystem production efficiency and litter decomposition across ecosystems (e.g. Cebrián and Duarte 1995; Chapin et al. 2002) , the BRH is likely to apply for the process of decomposition as well, with traits involved in the LES. There is still some debate as to which characteristics of the litter have an effect of decomposition (see reviews in, e.g. Aerts 1997; Aerts and Chapin 2000; Chapin et al. 2002; Wardle 2002 ) and which traits of living leaves best reflects the quality of the litter (see Section 3.1). Although the BRH is, therefore, likely to apply for decomposition as well, an actual formalism comparable to that proposed above for SNPP is not straightforward. Whatever the form of the relationship, empirical tests in several situations have shown that CWM of traits involved in the LES tend to scale with community-level decomposition rates Cortez et al. 2007; Quétier et al. 2007; Fortunel et al. 2009a) . As found at the species level, CWM_LDMC correlates better with decomposition rates than either CWM_SLA Quested et al. 2007; Fortunel et al. 2009a) or CWM_leaf nutrient concentrations Fortunel et al. 2009a ; but see Díaz et al. 2007b ). In a broadscale study across 11 European sites, CWM_LDMC was the characteristic of living leaves best related to the lignin to nitrogen ratio of the initial litter, the latter explaining 44% of the variance in litter decomposition rate (Fortunel et al. 2009a ; see also Díaz et al. 2007b) .
Since traits have a role both on the production and decomposition rates, we also expect effects on litter accumulation. CWM_LDMC was positively related to above-ground total dead matter in Australian grasslands ) and across 11 European sites ), while Díaz et al. (2007a) found that a multiple regression involving CWM of vegetative plant height, LNC and leaf tensile strength accounted for 75% of the variance in above-ground total dead matter.
Soil water content
At any given time, the soil water content of a particular soil depends on the balance between rainfall, actual evapotranspiration from the plant cover, surface runoff and percolation through the soil (Larcher 2003) . For the sake of simplicity and because we have no information as to how species influence the two latter processes, these will not be considered in the following. Since actual evapotranspiration during a time interval Δt is the sum of evaporation and water uptake from the whole cover, a simplified soil water balance model can be written as (cf., e.g. Boulant et al. 2008) :
where S t+1 and S t are soil water content at time t+1 and t, respectively, R Δt , E Δt and U Δt are rainfall, evaporation from the whole cover and water uptake by plants between t+1 and t (Δt), respectively, and FC is the soil field capacity (the soil water content at saturation after the gravitational water has percolated). According to Eq. 4, the decrease in soil water content after rainfall events, therefore, depends on E Δt and U Δt (see also Eviner and Chapin 2003) . E Δt depends primarily on the availability of energy at the ground surface, except after rainfall when water intercepted by the canopy evaporates (cf. Schulze et al. 2005) . It is inversely related to the leaf area index of the vegetation (Schulze et al. 1995) and to litter accumulation (Eviner and Chapin 2003) . As traits related to plant growth and litter accumulation have been discussed in Section 5.1.2., we hereafter focus on the modulation of water uptake (U Δt ) by plant traits. Since root distribution and maximum rooting depth of the different species as well as soil properties vary with soil depth (Schwinning and Ehleringer 2001 and references therein), water uptake over the entire soil profile can be conveniently subdivided into uptake from different discrete layers. Water uptake from soil layer i by species j during a short time interval dt (U dt(i,j) ) over which all variables may be considered constant follows Darcy's law and can be written (cf. Schwinning and Ehleringer 2001; Larcher 2003) :
where M root(i,j) , SRA i,j and k i,j are, respectively, the biomass of roots, the specific root area (SRA, the ratio of root area to root dry mass) and the root area-based hydraulic conductance to water transport of species j in layer i, while Ψ soil , i is the bulk soil water potential in layer i and Ψ j is the water potential of species j. If we assume additivity of the process among species, the decrease in soil water content over the entire soil profile can be written as:
where n is the number of species in the community and m is the number of soil layers considered. Assuming that roots have a cylindrical shape, SRA can be written as:
where RA root , L root and d root are the root area, the root length and the average root diameter, respectively. Combining Eqs. 5 and 6 leads to:
Equations 6 and 8 show that rooting depth and root distribution of the different species in the different soil layers will have impacts on the water content of these layers. It also shows that soil-plant hydraulic properties and plant water potential might affect soil water content, beyond the effects of biomass and/or length (Eviner and Chapin 2003) .
To our knowledge, Eqs. 6 and 8 have not been tested directly in complex communities, but some studies have assessed the effects of individual traits appearing in either of these on soil water content. Working in alpine grasslands, Gross et al. (2008) have found a significant effect of CWM_L root on the water content of the upper 15 cm soil layer, while in Australian grasslands, found a strong negative effect of CWM_SRA on the water content of the entire soil profile averaged over the growing season.
Recognising that whole-plant water uptake and transpiration are tightly coupled (cf. Schwinning and Ehleringer 2001; Larcher 2003) , we also expect traits controlling water fluxes from leaves to have an impact on soil water content. This is the case not only for water potential (Eqs. 6 and 8), but also for stomatal conductance, whose sensitivity to air water vapour deficit is known to vary among species (Oren et al. 1999) .
Finally, the time dependence of water uptake should also be considered, which corresponds to the integration of Eqs. 6 and 8 over time. In particular, changes in root biomass and/or length in relation to the phenology of the different species which compose the communities will have impacts on soil water content (Eviner and Chapin 2003) . For example, a species which completes its life cycle during spring will have little effect on soil water content during summer, unless no rainfall event occurs (Schwinning and Ehleringer 2001; Gross et al. 2008 ).
Other components of biogeochemical cycles
Numerous other components of biogeochemical cycles are likely to be affected by plant traits (reviewed in Wardle 2002; Eviner and Chapin 2003) . Among those, soil carbon sequestration has recently received increased attention (de Deyn et al. 2008; Klumpp and Soussana 2009) . By contrast with the properties discussed so far, a number of intermediate, complex steps have to be taken into account to understand the links between plant traits and soil C. Carbon sequestration in soils represents the balance between carbon inputs in and outputs from the soil, and many traits potentially affect these different fluxes, as well as potential species interactions (Fig. 11) . Traits pertaining to plant growth rate, litter production and quality as discussed above play a substantial role in this respect.
Beyond the qualitative identification of traits affecting soil C sequestration (Eviner and Chapin 2003; de Deyn et al. 2008 ), Klumpp and Soussana (2009) assessed quantitatively the relative impacts of various plant traits on belowground net carbon storage (BNCS) and top soil organic carbon content (SOC) of semi-natural grasslands subjected to different grazing regimes. They found that both BNCS and SOC were negatively related to CWM_specific root length (SRL, the ratio of root length to root mass), while BNCS was positively related to CWM_root diameter. Generally, low SRL is associated with thick, dense roots with low nitrogen and high lignin concentrations (ref. in Lavorel et al. 2007) , which are likely to produce slowly decomposing litter (Hobbie et al. 2010) , ultimately leading to SOC stabilisation (Fig. 11) . Similarly, total soil carbon content was found to be negatively related to CWM_SLA and CWM_LNC and positively to CWM_LDMC in a Mediterranean old field succession ). As discussed above, these traits lead to slow decomposition rate of leaves (Cortez et al. 2007; Quested et al. 2007 ) and accumulation of litter , two variables affecting the rate of carbon input in soils.
Complementarity among species: incorporating functional divergence
So far, only few studies have examined the impacts of FDvg on EP, either independently or in combination with CWM and abiotic effects. These were all conducted in perennial herbaceous communities, either from Europe Díaz et al. 2007b; Klumpp and Soussana 2009; Schumacher and Roscher 2009) or Australia . A synthesis is currently difficult to conduct for at least two reasons. First, the restricted number of studies available for a particular EP limits our potential to generalise safely. Second, as discussed in Schumacher and Roscher (2009) , the outcomes of the analyses strongly depend on the way the different variables are considered in the stepwise procedures. In particular, conclusions appear highly sensitive to the fact that variables are treated independently rather than in combination with the others and whether the selection procedure is based on individual correlations as proposed by Díaz et al. (2007b) or all variables are treated in combination in a global analysis as suggested by Schumacher and Roscher (2009) . Another issue pertains to whether traits are given equal weight in the analyses (Schumacher and Roscher 2009) .
A striking example is given by the study conducted by Schumacher and Roscher (2009) in semi-natural grasslands of Germany. This study showed that, when a stepwise procedure that did not place any constraint on the selection of variables introduced in the multiple regression was used, AGB mass was best explained by a combination of total soil nitrogen, CWM of life cycle, vertical distribution of canopy structure, SLA and rooting depth and FDvg of life cycle, area of leaves and vegetative height (all positive). However, using the selection procedure proposed by Díaz et al. (2007b) , they found negative effects of FDvg for many traits. This points to the strong dependency of the conclusions on the statistical procedure used.
In most studies assessing the effects of FDvg on EP, these statistical effects were not clearly considered. This might explain why, in a number of studies, the effects of FDvg of different traits or combinations thereof were found to be either negative or non-significant (Díaz et al. 2007b ) for several properties. Only in the study by Klumpp and Soussana (2009) , investigating the impact of abiotic (disturbance) and biotic factors in a temperate grassland on six EP, were effects of FDvg for several traits found to be all positive.
A clear assessment of the impact of FDvg on EP will require that statistical procedures be validated and standardised. Only when this is done will we be able to detect the importance of complementarity among species for the functioning of ecosystems in natural and semi-natural environments.
The role of plant traits on ecosystem properties in controlled experiments
The framework proposed by Díaz et al. (2007b) aims at understanding the relative roles of abiotic and biotic components on EP in semi-natural and natural environments, as discussed in the previous section. Although this approach has the advantage of being relevant for real ecosystems, it also carries an inherent inability to identify the direction of causation between the variables measured (but see the structural equation approach as applied by Grace et al. 2007 ). Manipulative experiments, in which species with contrasting attributes are grown in experimental gardens under identical, common conditions, have thus been designed to overcome this problem.
In some of these experiments, simple plant traits were found to correlate with several EP. In the study by Pontes et al. (2007) on 13 perennial C3 pasture species grown over 2 years at two levels of nitrogen supply under two cutting regimes, ANPP was found to be negatively related to LNC expressed on a fresh mass basis, while digestibility was found to increase (respectively decrease) with SLA (respectively LDMC). In monocultures of species from Mediterranean old fields grown at two levels of nitrogen supply, a multiple regression combining SLA and LNC explained 59% of the variance in ANPP in the first year of growth (Fig. 12) , while in the low nitrogen treatment of the same experiment, the soil water content assessed over the entire growing season (cf. Violle et al. 2007a ) was found to be negatively related to species rooting depth , Fig. 6b) .
The large-scale 'Jena experiment', where 61 species common to Central European grasslands were grown in monocultures under similar environmental conditions, yielded more complex results after 4 months of growth (Heisse et al. 2007) . Once the effects of seedling density were accounted for, differences in above-ground biomass production were based on variable combinations of traits, including time to seedling emergence, the vertical distribution of biomass along the stem, the size of individual shoots, the allocation of biomass between roots and shoots and some of the traits involved in the LES. No single combination of traits led to a high biomass production. Finally, Craine et al. (2002) grew 33 grasslands species for 5 years under low nitrogen availability and found that among non-legume species which produced and maintained large amounts of biomass were those with lower nitrogen concentrations in tissues, greater longevity of organs and higher root to shoot ratios. The two former correspond to traits identified in Berendse and Aerts's (1987) model as those allowing species to dominate Fig. 12 Relationship between observed and predicted ANPP in a common garden experiment where 12 Mediterranean species from three successional stages were grown at high (black circles) and low (white circles) levels of nitrogen supply (Garnier et al., unpublished results) . Predicted values are calculated from SLA and LNC of the different species as: ANPP=−5.86+0.22×SLA+0.20×LNC (correlation coefficient of regression between predicted and observed values: r 2 =0.59; P<0.001, n=24). Details of the experiment can be found in Kazakou et al. (2007) nutrient-poor communities. Under these conditions of low nitrogen availability, Craine et al. (2002) also found that nitrogen fixation allowed legumes to produce greater biomass above-ground than other species with high stem biomass and low fine root productions. These few experiments conducted under comparable conditions for a given set of species show that the combinations of traits influencing EP are likely to vary according to the environmental conditions chosen and the time scale of the experiment. In particular, results obtained over the short term should not be extrapolated on a longer term, especially in perennial species. It is likely that answers to this complex issue will be better tackled by combining such controlled experiments with observational/ manipulative experiments in the field and modelling.
A different perspective: ecosystem allometry
Ecosystem allometry is a recent perspective to the relationship between organisms and ecosystem functioning, which focuses on size distribution within communities (Enquist et al. 2003; Kerkhoff and Enquist 2006) . It is clearly a traitbased approach, as size is one of the performance traits defined in Section 2.1, but here, the analysis is carried out without distinguishing the different plant species that compose the communities. The rationale, as applied to the study of primary productivity of plant communities (Kerkhoff and Enquist 2006) , is briefly presented below.
By definition, NPP is the sum of the growth of all individuals present in the community. The allometric approach proposes that whole-plant individual growth rate (GR) can be written as:
where β g is the allometric coefficient relating growth rate to total plant mass (M plant ). The 3/4 scaling exponent reflects constraints on resource supply to individual cells (West et al. 1997) . Empirical tests suggest that β g is constant across a wide range of photosynthetic organisms (Niklas and Enquist 2001) , whatever the species considered. This implies that when the mass range is large, the size effect overrides any inter-specific differences in plant functioning. Kerkhoff and Enquist (2006) then suggested to group individuals of plant communities into K size classes of average mass M plant(k) with similar growth rate. Ecosystem NPP can thus be written as:
where n k is the number of individuals in size class k per square metre. Further development of this equation shows that NPP should be proportional to the 3/4 power of total community phytomass (Kerkhoff and Enquist 2006) , which is the sum of M plant(k) for all size classes. An empirical test across plant communities ranging from arctic tundra to tropical forests yielded, as expected, a log linear relationship between NPP and total community phytomass, but the scaling coefficient was substantially lower than predicted from theory (0.46 vs. 0.75: Kerkhoff and Enquist 2006) . This was interpreted as a failure of the model to account for processes occurring within plant communities, such as asymmetry in light capture resulting from size hierarchies. In the same study, Kerkhoff and Enquist (2006) developed predictions for the scaling between community phytomass and nutrient mass (nitrogen and phosphorus), which were in closer agreement with empirical data.
Further testing of this approach is warranted, especially in situations where the biomass range of the communities compared is narrower: from arctic tundra to tropical forests, community biomass varies approximately 600-fold, while in many cases, a much narrower range is of interest. Within grasslands, for example, differences of annual rainfall from 250 to 1,400 mm/year across the central grassland region of the USA induced a sevenfold range in biomass produced (Sala et al. 1988) , and the continuous fertilisation of plots in the Park Grass Experiment (UK) during 150 years induced a threefold difference between the most and least productive treatments (Crawley et al. 2005 ). Over such reduced ranges, intrinsic differences in plant physiological properties among species might have impacts on ecosystem functioning beyond those of size.
Plant traits in agricultural and forestry contexts
In this section, we give examples of the use of traits in agricultural and forestry contexts. In doing so, we will identify the environmental gradients that are generated by human practices, and examine (1) the response traits to these gradients, be they generic or specific to the particular environmental conditions found in agricultural contexts; (2) the rules of community assembly and whether they differ from the general case; (3) how traits relate to ecosystem processes of agricultural importance.
Grasslands
Most experimental studies documenting the response of the functional structure of communities to gradients, and referred to so far in this paper, have been performed on grasslands. In this section, we selected only studies with an explicit agricultural perspective. In the following, it should be kept in mind that all types of grasslands have not been equally studied: in the literature, there is currently an over-representation of grazed situations over mown fields and very few studies have been conducted in grasslands characterised by an intensive use of fertilisers and sown species (Plantureux et al. 2009 ).
In grasslands, the defoliation regime (either grazing or mowing for hay making) and the supply of fertilisers appear as the main management practices affecting vegetation structure and functioning. The quantitative assessment of the impacts of defoliation is relatively difficult to characterise (cf. Garnier et al. 2007) : it varies with the date of grazing or cutting, the time interval between two successive cutting or grazing periods especially during favourable seasons for growth and the amount of harvested or consumed biomass (Duru et al. 1998) . Assessment of this impact requires regular measurement of standing biomass to take into account the seasonal variation of growth, the impact of dates of defoliation and compensatory re-growth after defoliation (McNaughton et al. 1996) . These experimental limits explain why data from different studies are hardly comparable except when treatments contrast intensive grazing to very low or absence of grazing (Louault et al. 2005; Evju et al. 2009 ).
Although the assessment of nutrient limitation could theoretically be done through soil measurements, there is currently no simple method to assess the amount of nutrients a given soil can release and make available to plants. This has led to the development of nutrient indices for nitrogen and phosphorus (Duru and Ducrocq 1997; Lemaire and Gastal 1997) , which are the main limiting nutrients for grassland production. These indices, which reflect the growth limitation by nutrient availability, allow one to quantify changes in nutrient level due to fertilisation or grazing management.
The traits of species that respond to management practices in grasslands are the same as those responding to the same selective pressures in non-managed areas. For example, leaf traits such as SLA or LDMC are strongly modulated by nutrient availability (Duru et al. 1998; McIntyre 2008) . Grazing affects a large series of traits: a high grazing pressure generally favours annual over perennial plants, short plants over tall plants, prostrate over erect plants and species with stoloniferous and rosette architecture over those with a tussock architecture; the timing of defoliation also impacts on phenology, including leaf senescence (Duru et al. 1998; Louault et al. 2005; Diaz et al. 2007; Kahmen and Poschlod 2008; Romermann et al. 2008) .
A recent meta-analysis examined whether the welldocumented negative effect of land use intensification on species richness results in a similar decline in the FD of plant communities (Flynn et al. 2009 ). These authors assumed that there were three possibilities: a similar decrease in species richness and FD with intensification; a faster decrease in FD than in species richness, revealing that functionally unique species are lost first; a lower decrease in FD than in species richness, showing that functionally redundant species are lost first. The outcome of the analysis revealed that most grasslands showed a faster decline in FD than in species richness. However, this relationship seems to depend on environment, as illustrated by a comparative study performed in Mongolia (Sasaki et al. 2009a, b) . This study suggests that faster loss in FD than in species richness occurs with increasing grazing intensity in harsh environments, whereas functionally redundant species are lost first in benign conditions.
A trait-based approach to grassland management also appears to be promising. In particular, biomass production, the date of peak production and the digestibility of herbage can be predicted from leaf traits and/or plant height (Al Haj Khaled et al. 2006; Pontes et al. 2007; Ansquer et al. 2009b) . Furthermore, the FDvg of LDMC correlates closely with the variation in biomass production around the peak of herbage mass, a variable of importance for managers, which gives information on the temporal flexibility of herbage use (Ansquer et al. 2009b ). On the basis of these results, a set of easily recognised species with similar functional traits (LDMC and phenology) can be used to infer ecosystem processes of agricultural importance .
Other functions of grasslands can also be deduced from trait values. For example, in Australia, the role of grasslands to limit soil erosion has been negatively related to traits determining high production, achieved there by reduced plant cover with low persistence (McIntyre 2008) .
A major question for research is to define which practices may favour the constancy of ecosystem processes of grasslands under global changes. This challenge is of importance knowing that a significant number of traditional 'stress-tolerant' grassland species have been replaced over the last century by more ruderal species with faster growth and shorter life span (Van Calster et al. 2008; Walker et al. 2009) , with probable major impact on future primary production of grasslands.
Crop weed communities
Over the last decades, the weed flora had dramatically changed in response to shift in management practices. On the one hand, new rules for integrated weed management aiming at reducing the use of herbicides and preserving the biodiversity of agroecosystems is currently leading to the emergence of more diverse communities. On the other hand, there are still highly specialised crops in which a specialised weed flora occurs in response to specific techniques and pesticide use. Since a decrease in the use of herbicides is likely to occur in such systems for both technical and social reasons (Aubertot et al. 2007; Wezel et al. 2009 ), the switch to practices other than pesticide applications may well result in an increasing diversity of weed species. The use of traits may be an opportunity to detect groups of weedy species which similarly respond to a set of practices or affect crop yield.
Major variations in weed composition between fields are associated with human management factors: current crop type, preceding crop type, soil pH and texture, land drainage (Fried et al. 2008; Butler et al. 2009; Hawes et al. 2009 ). Crop type includes the effects of sowing season, herbicide families and fertilisation regimes, which induce specific light conditions affecting growth phenology (Lososova et al. 2008) . It is noticeable that differences in weed diversity between genetically modified herbicidetolerant crop varieties and conventional varieties are much lower than between different crop species (Freckleton et al. 2003) . Within individual crop types, the landscape organisation (occurrence of hedges and meadows) and/or tillage depth are also of importance (Smith 2006; Butler et al. 2009 ). Across all phases of the rotation, however, weed community structure is affected more by the current identity of the crop than by the number of crops in the rotation (Smith and Gross 2007) .
New flora responding to current change in management can be characterised using the same set of traits as those measured on spontaneous vegetation (Booth and Swanton 2002) . Weed species selected against over the past 60 years in cereal and soybean crops in UK have a short stature, large seeds and flower late . As a consequence, exclusion from intensive systems over time is explained by low competitive ability in high fertility treatment in relation to low stature and low resilience to herbicide influence due to low reproductive output. By contrast, the current weed flora occurring in intensive systems is highly specialised, in terms of resource use, phenology and tolerance to herbicides. For example, weeds increasing in abundance in sunflower crops since the 1970s belong to a 'sunflower-mimicking' functional group: they are more nitrophilous and heliophilous, less sensitive to sunflower herbicides and share a rapid summer life cycle, independently of phylogeny (Fried et al. 2009 ). Characterisation of these responses by traits is not always straightforward. Herbicide tolerance is partly explained by leaf anatomy and architecture, cuticle thickness and phenology but also depends on physiological characteristics that are not easily measurable. Plant response to sowing time or tillage includes germination syndrome and life cycle, both of which influence how species respond to changes in soil resource levels and light availability driven by seasonal disturbance regime (Smith 2006) . On the other hand, the weed flora in extensively managed systems, where disturbances are irregular and of varying spatial extent, is composed of lessspecialised species sharing characteristics with colonisers or ruderal species (Lososova et al. 2006) : they resemble the species with short stature, large seeds and late flowering that occurred in cultivated areas years ago and have been excluded by intensification .
The different flora found under contrasted weed management also differ in FD: the reduction of FD in intensive cropping systems may occur through increased specialisation rather than by further enhanced spread of the most generalist species (Fried et al. 2009 ), whereas FD in extensive places increases in relation to the occurrence of less-specialised species (Lososova et al. 2006) .
Combining weed and crop characteristics is a further step to assess the impact of the FD of the weed-crop community on EP. Weed size relative to that of the crop is a major parameter impacting final crop yield in cropweed models (e.g. Kropff et al. 1992; Booth and Swanton 2002) . In addition, recent research suggests that the ability of weeds to draw on resource pools other than that of crops, which can be assessed by differences in root depth and architecture (Deen et al. 2003; Smith et al. 2009 ), may be related to lower weed-crop competition (Smith et al. 2009 ). This means that the FDvg of the crop-weed community defined with traits related to resource use could be of major importance to predict crop yield: a high FDvg-inducing complementary in resource use by weeds and crop across time or space should result in a reduced impact of weeds on crops.
Weeds can also have an impact on the local biodiversity. In extensively managed areas, the diversity of the local weed flora has been shown to correlate negatively with herbivore load and outbreaks of pests and positively with number of non-pest invertebrate species (Hawes et al. 2005) . A recent study showed that functional types of weeds, defined by categorical traits, can be used to assess that of invertebrates (Hawes et al. 2009 ). However, a similar study performed in UK showed that a number of weeds that have a high importance for invertebrates and birds are classified as noxious considering their large negative impact on crops (Storkey 2006) , which should refrain farmers to conserve them in non-extensive areas.
Forests
The utility of traits for forest management in temperate areas has not been clearly established yet, as most forests are composed of one or a few species, taken among a set of approximately ten well-known species. The recent emphasis on other services than biomass production (regulation of climate and flood, support for biogeochemical cycles and biodiversity, supplying of recreational values, etc.), which cannot be achieved through traditionally managed forests, initiated the proposal of more 'nature-orientated' management. This on-going change is characterised by the increasing importance of natural regeneration that can lead to the establishment of mixed forests. As a consequence, future management of forests will require knowledge on species different from the original set, in order to predict successful establishment and biomass production of mixed stands.
The identification of traits linked to the successful establishment of mixed forests from natural regeneration is an on-going effort and shows that shade tolerance detected by wood density and SLA are probably of major importance (Janse-ten Klooster et al. 2007 ). In trees, most comparative experiments have been performed in tropical species (Poorter and Rose 2005; Muller-Landau et al. 2008) . This implies that relationships between seedling establishment and adult traits are not clearly established for most species found in temperate environments (but see Kaelke et al. 2001; Stancioiu and O'Hara 2006) .
The recent damages caused to forests by extreme climatic events such as storms and severe droughts demonstrate the urgent need for large comparisons of species according to functions which have not been characterised so far. The identification of relevant and easily measured traits related to drought, wind tolerance and root anchorage that could be used to monitor routine selection of species appears as an important research need in this respect (Cochard et al. 2008; Hallik et al. 2009; Stokes et al. 2009 ).
The likely increasing importance of mixed forests and the search for higher resistance to disturbances (Vila et al. 2007 ) is an opportunity to test the usefulness of traits for forest management. This could be done by building on previous work performed in tropical areas where the high species diversity of forests was a strong incentive to identify functional groups for management of biomass production and maintenance of species diversity (Vanclay et al. 1997; Gourlet-Fleury et al. 2005; Kooyman and Rossetto 2008) .
Trait databases and ecoinformatics
Availability of trait data
The methodology of screening for traits, which takes its roots in the seminal work by Grime and Hunt (1975) for RGR, has progressively built up over the last three decades. This has led to the constitution of large data sets of plant traits allowing us to address general questions pertaining to plant functioning and evolution. This includes the detection of (1) broad relationships among traits, such as allometric scaling (West et al. 1999; Enquist and Niklas 2002; Reich et al. 2006 ) and trade-offs (Wright et al. 2004; Bolmgren and Cowan 2008) at various levels of organisation, (2) the phylogenetic signal on traits (Moles et al. 2005a; Watanabe et al. 2007; Flores et al., submitted manuscript) , (3) the relationships between plant traits and environmental factors at continental or global scales (Reich and Oleksyn 2004; Moles et al. 2005a; Pakeman et al. 2008; Moles et al. 2009; Ordoñez et al. 2009 ).
Although these data sets constitute an invaluable wealth for the scientific community as a whole, their compatibility, accessibility and further dissemination remain problematic. Some data sets are available as appendices to original publications (e.g. the Glopnet data set: Wright et al. 2004 ; the wood data set: Chave et al. 2009) Kleyer et al. 2008) . However, this concerns only a small proportion of the data potentially available, and a comprehensive approach to data storing, management and retrieval for plant based research is currently lacking. This involves devoting specific efforts to data integration, whose aim is to organise and structure the data currently stored in distributed repositories and in heterogeneous formats, and make them available in easily and widely usable format. Beyond integration, such efforts would provide substantial added value to the data, which could then also be used in contexts different from those in which these were initially collected for or for other, more general questions. These issues have led to the recent development of ecoinformatics and the realisation of the importance of metadata and ontologies as applied to the field of ecology.
Towards a trait-based ecoinformatics
This issue as applied to traits falls under the broader perspective of what is now called 'ecoinformatics', defined as 'a field of research and development focused on the interface between ecology, computer science, and information technology' and considered as the new bioinformatics (Jones et al. 2006) . The recent development of ecoinformatics results from the acknowledgement that data sharing and integration should become leading priorities in ecology, as this has been recognised three decades ago in molecular biology (Stein 2008) . Madin et al. (2008) have proposed an architecture for ecological and environmental data management involving three levels. The first level is composed of data stored within distributed data repositories, while the third, higher level is composed of software tools used by scientists and data managers to work on the data. Madin et al. (2008) stress that an intermediate level is required between these two, in order to develop tools that are more effective for querying, integrating, analysing and publishing data from the raw material available in data repositories. Metadata standards and ontologies are two key elements of this level.
Metadata may be defined as 'information about data', i.e. the information required to understand data, including data set contents, context, structure and accessibility (Michener et al. 1997) . Examples of metadata include the identification of who conducted an experiment (name of observer, institution, storage location and form, etc.), where (latitude, longitude, altitude, etc.) and how it was conducted (measuring device, precision, etc.), and so on. A number of benefits are attached to the production of metadata in addition to data (Scurlock et al. 2002; Michener 2006) . These include increased data longevity, facilitation of data reuse by those who have produced the data, data sharing with others, data mining for purposes and questions other than those for which data collection was initially designed for. This is all the more important that databases may outlive the original investigator and that ecological research requires integration and synthesis from a wide range of disciplines (Jones et al. 2006; Michener 2006) . Several metadata content specifications could be used to document ecological data (Michener et al. 1997 ), but at this time, there is no generally accepted format for metadata standards in ecology (Scurlock et al. 2002) , and their use is not widespread. This certainly applies to the field of trait-based research, which needs specific efforts to improve its practices in this respect.
A second aspect concerns the development of core and specialised ontologies, a key step in the formalisation of concepts in a particular field of research. In the information sciences, ontology is a formal model of knowledge covering a specified discipline in which (1) each element (e.g. field name or column in a database) is precisely defined and (2) each possible relationship between data elements is parameterised or constrained (Schuurman and Leszczynski 2008) . Owing to the formal logical structure of ontologies, computer-based reasoning systems can use them to draw inferences or conclusions, enabling ontologies to help identify important aspects of a data set that were hidden or implicit (Jones et al. 2006) . For example, if one is looking for data on SLA, it might be stored in distributed databases under a variable named 'SLA' or its inverse 'LMA'. Both variables will first have to be precisely defined in a controlled vocabulary, and an ontology would capture the idea that SLA=1/LMA. Any query addressed to the distributed databases through the ontology filter will then extract automatically data stored under the different variable headings. Some general ontologies have been developed for ecology, such as, e.g. OBOE (Extensible Observation Ontology: Madin et al. 2007) , which provides ecologists with a formal framework for ecological observations and associated measures and protocols. A primary objective is thus to develop a domain ontology relevant for a trait-based approach to ecology, compatible with highlevel ontologies such as OBOE. This can be done using related specialised ontologies such as plant ontology (Jaiswal et al. 2002) This whole approach to data management constitutes a first step towards the long-term objective of ecological data integration and sharing through the development of information systems comparable to those currently used for gene sequences and protein data (GenBank, EMBL) or taxonomic diversity (GBIF: Guralnick et al. 2007 ).
Conclusions and perspectives
In this review, we have highlighted a number of strengths of the trait-based approach to address questions pertaining to plant and ecosystem functioning, community dynamics and species distribution in ecological contexts and some selected agronomical situations. Although the focus was on plants, there is now increasing recognition that traits might be useful tools to address questions relative to other organisms as well, be they invertebrate or vertebrate animals (cf. de Bello et al. 2010) or microorganisms (Green et al. 2008 ). This functional characterisation of biodiversity that traits make possible enables us to bring insights which go well beyond what is possible when species are merely described by Latin binomials.
Several types of factors were decisive to the major breakthroughs in plant trait research that have taken place over the past 15 years. First, the imperious need to predict changes in vegetation in response to global change drivers has triggered the search for simplification of floristic complexity; second, the identification of a small set of easily measured traits relevant to plant functioning and distribution that could be measured on a wide array of species and situations worldwide was decisive; third, a set of consistent concepts and hypotheses allowing us to scale from the individual to higher levels of organisation proved very powerful; fourth, the design of protocols to measure traits in a standardised way and the recognition that sharing data and information among scientists working in different systems were essential to progress.
Challenges ahead to trait-based research pertain to a number of aspects. In terms of plant functioning, whether, e.g. further axes of variation can be detected in plants, including some involving root dimensions and whether any easily measured traits can be related to the various aspects of the regeneration niche (sensu Grubb 1977) and to demographic parameters such as population birth and death rate appear as central issues. At the community level, understanding the mechanisms through which species traits, as driven by environmental factors and biotic interactions, determine its functional structure will require theoretical, experimental and modelling approaches. Whether phylogeny has a prominent role in these mechanisms is currently a highly debated topic (e.g. Cavender-Bares et al. 2009 ). This will also require a search for a better identification and quantification of the environmental gradients driving trait responses. There are some initiatives in this direction (e.g. Knevel et al. 2005; Garnier et al. 2007; Bartholomeus et al. 2008; Ordoñez et al. 2009 ), but a general agreement on a minimum set of required environmental variables and standardised protocols to measure them is still lacking. At the ecosystem level, the understanding of how and which traits (in terms of values and ranges) affect processes, properties and services remains very preliminary. It is also essential to recognise that simultaneous effects on multiple, linked ecosystem processes and services are involved (reviewed in de Bello et al. 2010) and that scaling from traits to services requires innovating approaches allowing us to bridge the gap between biological and social sciences (cf. de Chazal et al. 2008 ). Predictions at all scales will also require an increased coupling to modelling approaches, from ecophysiological/ecosystem levels (e.g. Martineau and Saugier 2007; van Wijk 2007) to that of the whole biosphere (e.g. Prentice et al. 2007 ). Last but not least, further progress will depend on the continued development of trait databases and information systems allowing scientists from different disciplines (taxonomy, ecology, environmental sciences, etc.) to share and combine their data to tackle broad-scale and complex questions in ecology.
The prospects to apply a comparative approach based on traits in the field of agronomy are wide. Intensive agricultural systems, where crop diversity is reduced to one or very few species that are generally genetically homogeneous and where external inputs are often supplied in large quantities, are increasingly criticised for their negative environmental impacts (Giller et al. 1997; Aubertot et al. 2007; Le Roux et al. 2009; Wezel et al. 2009; Griffon 2010 ). Reducing these impacts will involve reducing, e.g. the use of fertilisers and/or pesticides and rely more on regulations involving a wider range of diverse organisms (e.g. soil organisms for the control of fertility and non-pest insects/microorganisms for the biological control of pests). As shown in the case of grasslands (Section 6.1), trait-based tools might be used for the management of these more complex systems where a detailed mechanistic and modelling approach based on indepth knowledge of all organisms involved will probably not be tractable. At the other end of the spectrum, Malézieux et al. (2009) advocated the use of functional traits (or groups) to characterise and model complex multispecies cropping systems, such as agroforestry systems, on which a majority of the world's farmer depend, particularly in tropical regions (Swift and Anderson 1993; Malézieux et al. 2009 ). For this transfer from ecological to agronomical science to succeed, the specificities of these various agricultural systems, such as the identity and strength of the selective pressures acting in these environments (e.g. types and return times of specific disturbances such as tillage and/or selective pesticide applications), will have to be identified, at the same time as the responses of the organisms themselves, which may not have been described as yet in less artificial situations. Le Roux et al. (2009, chapter 1) have discussed these issues in the special case of the impacts of agricultural practices on biodiversity.
As nicely put by Westoby et al. (2002) , 'There is much to be done. There is also a real hope that we may be getting somewhere'. And getting somewhere will involve continued and enhanced collaboration across disciplines ranging from ecophysiology to macroecology, crossing experimental and theoretical approaches as applied to natural and man-modified systems.
